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Abstract
The spread of invasive species is a major component of global ecological change and how and when to manage particular 
species is a difficult empirical question. Ideally, these decisions should be based on the specific impacts of invading species 
including both their effects on native competitors and how they may or may not play similar roles in broader ecosystem 
functioning. Halophila stipulacea is an invasive seagrass currently spreading through the Caribbean, and as seagrasses are 
foundation species, the effects of invasion have the potential to be particularly far-reaching. To evaluate the impacts of H. 
stipulacea we quantified spread and potential for displacement of native seagrasses as well as the effects of invasion on mul-
tiple ecosystem processes, particularly resource support for higher trophic levels and habitat creation. Long-term monitoring 
suggested that H. stipulacea likely displaces some native seagrasses (Syringodium filiforme and Halodule wrightii), but not 
others. Halophila stipulacea had lower N and protein levels and higher C:N ratios than native seagrasses, and as such is a 
poorer quality resource for consumers. We also observed significantly lower consumption of H. stipulacea than the native 
S. filiforme but limited differences compared to Thalassia testudinum. We found H. stipulacea created a more nutrient lim-
ited environment than T. testudinum and there were significantly distinct invertebrate assemblages in native- and invasive-
dominated seagrass beds, but no difference in species richness or invertebrate biomass. These results suggest that the spread 
of H. stipulacea would impact a variety of ecological processes, potentially restructuring seagrass ecosystems through both 
direct impacts on environmental conditions (e.g., nutrient availability) and indirect food web interactions.
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Introduction

It is generally assumed that the establishment and spread of 
an invasive species is likely to drive major shifts in biodi-
versity and ecosystem functioning (Hejda et al. 2009; Pyšek 
et al. 2012; Gallardo et al. 2015). Yet, there is some debate 
about the ubiquity of harmful effects of invasive species 
(e.g., Gurevitch and Padilla 2004; Stohlgren and Rejmánek 
2014), the potential for beneficial effects (Rodriguez 2006; 
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Ramus et al. 2017), and whether it is useful or appropriate 
to include a species’ geographic history (i.e., whether it is 
native or exotic) in conservation decision-making (Davis 
et al. 2011; Buckley and Catford 2016). The arrival of exotic 
species in a new habitat can have a range of impacts from 
minimal, when they naturalize but remain rare or are eco-
logically similar to native species they displace (Schlaepfer 
et al. 2011), to drastic, if populations expand and monopolize 
space (Blossey et al. 2001; Schooler et al. 2006) or become 
strong trophic interactors (Albins and Hixon 2013). Exotic 
species that displace native foundation species may be more 
likely to have major impacts on the communities where they 
establish, and thus act as “invasive” species (sensu Davis and 
Thompson 2000; Richardson et al. 2000), because of the key 
roles played by the original foundation species (Ellison et al. 
2005; Rohr et al. 2009). But it is unclear if invasive species 
that replace foundation species always drastically restruc-
ture the ecosystem or if they can provide similar services to 
native species (Katsanevakis et al. 2014).

While invaders may displace native species, in some 
cases they can produce similar ecosystem functions (Vilà 
et al. 2011). For example, invasive plants can provide habitat 
similar to native species resulting in limited effects on asso-
ciated communities (Grutters et al. 2015; Nelson et al. 2017; 
Salisbury et al. 2017) or even increasing diversity (Dijkstra 
et al. 2017). In cases, where the simple presence of plants 
modify environmental processes such as water flow (Cornac-
chia et al. 2018) or substrate stabilization (Heffernan 2008), 
the presence of invasive species may have similar effects. In 
more extreme scenarios, where certain native species and 
their ecological functions have been lost, the inclusion or 
maintenance of non-native species may be an acceptable 
alternate solution for restoration (Schlaepfer et al. 2011). 
Thus, while invasions clearly have the potential to drasti-
cally restructure communities (Sanders et al. 2003; Baxter 
et al. 2004), the extent of their impacts are often difficult to 
quantify. It is particularly challenging to predict the potential 
effects of invasive species that may play ecologically similar 
roles to native species. This challenge is exacerbated when 
invasion impacts are measured through a single or small set 
of metrics that limit the ability to assess a species’ full effect 
(Simberloff 2014). In light of extensive invasions, the dif-
ficulty of removing invaders, and the continuing controversy 
around the management of introduced species (Davis et al. 
2011; Simberloff 2014), it is becoming apparent that a spe-
cies being non-native may not be a sufficient threshold for 
management intervention. Thoughtful management-driven 
decision-making should include explicit evaluation of the 
variety of impacts that invasive species are likely to have 
on particular ecosystems to determine an optimal course of 
action (Hobbs et al. 2009; Strayer 2012).

Seagrasses are a foundation species in many coastal 
marine ecosystems (Bruno et al. 2003); as such, replacement 

by an invasive species could have particularly important 
impacts on the community, though this depends on their 
potential functional equivalence. Seagrasses play a key 
structuring role in marine communities by providing habitat 
and resources for other species (Orth et al. 1984; Whitfield 
2017) as well as changing water flow patterns and increas-
ing sediment stabilization (Adams et al. 2016). Seagrasses 
also influence nutrient cycling, which can have impacts on 
other attached and planktonic species (Ziegler 1999). They 
provide a key trophic resource for mega-faunal species 
such as sea turtles and marine mammals as well as many 
invertebrate species (Heck et al. 2008). Seagrass beds can 
be critical nurseries for marine fishes, including several 
economically important species (Beck et al. 2001; Parsons 
et al. 2018). Seagrasses also provide a wide array of broader 
ecosystem services including coastal protection, water puri-
fication, carbon sequestration, and tourism (Barbier et al. 
2011). Because of these significant roles of foundation spe-
cies (both as habitat and as a trophic resource), even small 
differences between native and invasive seagrass species 
could have broad, and potentially detrimental, consequences 
(Thomsen et al. 2010; Moore and Duffy 2016).

In much of the Caribbean, seagrass beds are dominated 
by the native species Thalassia testudinum and Syringodium 
filiforme (Williams 1990). Recently Halophila stipulacea, a 
seagrass originally from the Indian Ocean and Red Sea, has 
invaded and spread through the eastern Caribbean region 
(Willette and Ambrose 2009; Willette et al. 2014). In the 
Caribbean Sea, H. stipulacea can rapidly expand (Willette 
and Ambrose 2012), and while short statured, it can grow 
in high-density mats that modify environmental condi-
tions (van Tussenbroek et al. 2016). This spread has been 
recognized as potentially problematic both because it may 
restructure seagrass communities (Willette and Ambrose 
2009; van Tussenbroek et al. 2016) and because H. stipu-
lacea has expanded into regions that had previously been 
devoid of seagrass, possibly driven by release from control 
by herbivores, and may encroach and threaten nearby coral 
reefs (Steiner and Willette 2015). While native seagrasses 
are important food resources, differences in stoichiometry 
(e.g., nitrogen and phosphorus abundance or C:N ratios) or 
defensive compounds between H. stipulacea and native spe-
cies may functionally lead to lower resource availability after 
invasion even if overall seagrass abundance does not change. 
However, little work has been done to explicitly evaluate 
potential impacts of invasion by H. stipulacea and some 
uncertainty exists as to the overall effects and in what ways 
it differs from or plays similar roles to native seagrasses 
(Rogers et al. 2014; Viana et al. 2019).

To evaluate the potential for and ecological consequences 
of a shift in foundation species to an invasive competitor we 
evaluated local spread and ecological effects of H. stipulacea 
in a system with an incipient invasion, the Virgin Islands 
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National Park (St. John, USVI). Firstly, we evaluated over-
all shifts in community composition by analyzing seagrass 
assemblage data from long-term monitoring locations for 
indications of displacement of native seagrasses. We then 
compared trophic support provided by different species by 
measuring chemical composition and nutritional quality of 
native and invasive seagrasses. To evaluate consumption and 
top-down control we quantified herbivory rates on multiple 
seagrass species in different habitats. Lastly, to assess dif-
ferences in the habitat creation functions of native and inva-
sive seagrasses we measured the abundance and diversity of 
invertebrate communities and nutrient availability in native 
and invasive seagrass beds. Together these analyses offer a 
broad assessment of ways in which invasion by H. stipulacea 
in Caribbean seagrass communities may substitute for native 
seagrasses or restructure the community.

Methods

Site description

All work was conducted around St. John, US Virgin Islands, 
in waters protected as part of the Virgin Islands National 
Park. Halophila stipulacea was first reported in Men-
nebeck Reef, St. John in 2012 (Willette et al. 2014), but 
has subsequently spread to numerous locations around the 
island. Long-term monitoring studies were conducted in 4 
bays on the north side of the island and we focused experi-
mental work on two bays on the southern side of the island 
which have significant populations of H. stipulacea: Great 
Lameshur Bay and Saltpond Bay (Fig. 1). Great Lameshur 
Bay has extensive seagrass beds that include monospecific 
stands of H. stipulacea, mixed beds with native and inva-
sive seagrasses, and beds dominated by T. testudinum. Focal 

seagrass beds were in water depths of 4-7 m, but seagrasses 
are found at depths over 20 m. In addition, coral commu-
nities were present near the edges of bays or near rocky 
outcroppings which provided hard substrate and were sur-
rounded by a reef “halo”, a band of sandy habitat clear of 
seagrass or macroalgae (3–7 m wide).

Long‑term monitoring of seagrass cover

Permanent mooring lines were installed within Virgin Island 
National Park by the National Park Service (NPS) at popular 
anchoring sites within bays along St. John in 1999 and 2000. 
Coincident with their establishment the NPS also initiated 
a seagrass monitoring effort, where seagrass abundance 
was quantified at randomly selected mooring areas in four 
bays, Hawksnest, Maho, Frances, and Leinster (Fig. 1). Five 
mooring buoys were selected in each bay (except for Frances 
Bay, where only four buoys were selected). At each selected 
buoy, four 25-m transects extending out from the moor-
ing anchor along randomly selected fixed headings were 
chosen and the number of seagrass shoots were counted at 
ten 20 cm × 20 cm quadrats placed at randomly selected 
locations along the transect line (monitoring positions were 
originally randomly assigned, but the same locations were 
then resurveyed for subsequent measurements). Observers 
recorded total shoot count per quadrat for each of five sea-
grass species: Thalassia testudinum, Syringodium filiforme, 
Halodule wrightii, Halophila decipiens and Halophila stipu-
lacea. Observations were generally made twice a year, in 
April/May and again in November/December, from 2000 to 
2016, though from 2015 sampling effort was focused on the 
April/May sampling.

Because these monitoring transects were originally estab-
lished for a separate purpose than measuring the effects of 
invasions on seagrass community composition, evaluation of 

Fig. 1  Map of St. John with all 
research locations. Long-term 
monitoring was conducted in 
the 4 bays on the north side of 
the island (Hawksnest, Frances, 
Maho, and Leinster) and 
experimental work was focused 
on Great Lameshur Bay and 
Saltpond Bay
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overall temporal patterns is relatively uninformative, thus we 
developed an alternative analytical approach. We calculated 
changes in abundance of each seagrass species from one 
time point to the next for each sampling location. We then 
estimated the relationship between the change in abundance 
of H. stipulacea with change in abundance of each native 
seagrass species (in separate analyses) with the hypothesis 
that a significant negative correlation would be observed if 
native species are being displaced. Because many locations 
and time points did not have either H. stipulacea or all of the 
native seagrass species, we also constrained the data used 
in each analysis to only locations and time points that had 
H. stipulacea and the native seagrass of interest present in 
either the current or directly prior time point. This would 
remove locations where there was no opportunity for the 
species to interact (and thus any variability would have come 
from other drivers). After constraining the data in this way 
there was an insufficient number of locations to estimate a 
relationship between H. stipulacea and T. testudinum, but 
we were able to calculate relationships for each other native 
seagrass (S. filiforme n = 402; H. wrightii n = 49; H. decipi-
ens n = 84). We estimated relationships using linear mixed 
effects regression with the lmer function (from the lme4 
package; Bates et al. 2015) with change in H. stipulacea 
abundance as a fixed effect and bay as random effect param-
eter to address spatial autocorrelation between samples. 
Normality and heteroscedasticity of the data were evaluated 
by visual assessment of qqplots and residual vs fitted plots. 
Statistical significance of fixed effects was calculated with 
the “summary.merModLmerTest” function from the lmerT-
est package (Kuznetsova et al. 2017) using the Satterthwaite 
method for approximating degrees of freedom to calculate 
p-values. All analyses were conducted using R version 3.5.1 
(R Core Team 2018).

Herbivory

We conducted two herbivory assays (in July 2014 and Janu-
ary 2017) to compare relative consumption rates as an esti-
mate of top-down control of H. stipulacea and the native 
seagrass species S. filiforme and T. testudinum. These experi-
ments were conducted across different habitat types (sea-
grass beds, reef halo and coral reef, which were expected 
to reflect a gradient in herbivory pressure) to explore if 
relaxation of herbivore control could drive expansion of 
invasive seagrass beds. For each experiment we collected 
the appropriate seagrass species from near the experimental 
location, cleaned the samples of sediment, invertebrates, and 
visible epiphytes, spun them in a salad spinner for 1 min, 
and cable-tied the seagrasses into bundles of known weights 
(3 g for the 2014 experiment and 5 g for the 2017 experi-
ment). Samples were then outplanted into different habitats 
by attaching the bundles to a line that was fixed along the 

benthos. This was done in a manner so that the plant mate-
rial sat close to the benthos in a relatively natural position, 
though not replanted into the substrate, and not floating up 
into the water column. In the 2014 experiment, we compared 
herbivory rates between a coral reef, a T. testudinum-dom-
inated seagrass bed and the sand halo between the reef and 
seagrass and replicated the experiment in Great Lameshur 
Bay and Saltpond Bay. In 2017, we conducted the experi-
ment using the same habitats, but only in Great Lameshur 
Bay, and included an H. stipulacea-dominated seagrass bed 
as well as a T. testudinum-dominated seagrass bed. Native 
and invasive samples were haphazardly placed along lines 
separated by a minimum of 0.5 m and with a replication 
of 10 samples for each species and location combination. 
Samples were left out for ~ 1 day (27 h in Saltpond Bay in 
2014, 19 h in Great Lameshur bay in 2014, and 24 h in Great 
Lameshur bay in 2017, but all treatments for a location were 
collected at the same time and for analyses all experiments 
were treated as running for 1 day) and then were recovered, 
respun, and reweighed to measure changes in biomass. All 
seagrass species had substantial consumption in at least 
some conditions suggesting the tethering methodology did 
not dissuade herbivore activity. Changes in biomass were 
compared between species and habitats (as fixed effects and 
with an interaction; samples with the native seagrass spe-
cies and from the reef habitat were treated as the intercept 
condition) using a linear mixed effects model for the 2014 
experiment (with bay included as a random effect) and with 
a simple linear model for the 2017 experiment (when all 
samples were in a single bay). Linear models were fit and 
analyzed using the “lm” and “summary.lm” functions from 
the stats package and linear mixed effects models were esti-
mated using the “lmer” and the “summary.merModLmerT-
est” functions as described above.

Chemical composition

To compare the chemical composition of seagrasses that 
determine their quality as food resources, we collected tis-
sue samples of T. testudinum, S. filiforme, H. stipulacea, 
and H. wrightii from Saltpond Bay, where all species were 
in a mixed community and in close proximity. Three com-
posite samples of each species were analyzed; to provide 
sufficient biomass for analysis, multiple shoots, likely from 
multiple individuals growing adjacent to each other, were 
combined. Intact green blades were separated from the root/
rhizome, rinsed in fresh water, cleaned of visible epiphytes, 
and dried at approximately 60 °C. Samples were ground, 
homogenized, and analyzed for total carbon, total nitrogen, 
phosphate phosphorus, C:N ratio, and total crude protein, 
all of which reflect nutritional quality. We also quanti-
fied total phenols, which are considered important defen-
sive compounds for deterring herbivory (Hay and Fenical 
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1988). Samples were analyzed by the UC Davis Analytical 
Laboratory via combustion and conductivity detection using 
standard laboratory methods (https ://anlab .ucdav is.edu/
metho ds-of-analy sis). For each compositional metric, val-
ues were compared between the 4 seagrass species using a 
linear model with the “lm” and “summary.lm” functions and 
treating values for H. stipulacea as the intercept condition.

Invertebrate community composition

To evaluate the potential impacts of invasion on invertebrate 
communities using seagrass beds as habitat we quantified 
the invertebrate communities within seagrass beds domi-
nated by H. stipulacea and T. testudinum in January 2017 
in Great Lameshur Bay. These experiments were conducted 
by making small bags of seagrass litter that we deployed 
into seagrass beds dominated by different species. While 
this approach reduces some differences in stature or spatial 
complexity of different seagrass species, invertebrates were 
able to colonize the litterbags providing a partial sample 
of the types of invertebrates living within each seagrass 
bed. While this method is biased toward sampling smaller 
invertebrates and grazers or detritivores, within that subset it 
offers an even comparison between seagrass bed types. For 
each litter bag 15 g samples of fresh green biomass of the 
appropriate seagrass species were placed in 10 cm × 10 cm 
pouches made of “vexar” plastic mesh with ~ 1 cm mesh 
openings. Ten bags each of H. stipulacea and T. testudinum 
litter were attached 0.5 m apart on a nylon rope and deployed 
into seagrass beds dominated by the same species. Ten addi-
tional mixed species samples were created by cable-tying 
two pouches (each with 7.5 g of a different seagrass) side 
by side which were then deployed into a mixed composition 
seagrass bed (with both H. stipulacea and T. testudinum). 
Litter bags remained in the water for 4 days and then were 
removed by gently placing an individually-labeled plastic 
bag around the pouch, cutting the pouch from the nylon rope, 
and returning the closed bag with all contents to the lab 
for sorting. While the length of time that samples were in 
the water was limited, other studies have shown substantial 
colonization within 1 week (e.g., Ferreira et al. 2012) and 
minimally this approach offers an even comparison between 
habitat types though it’s sensitivity would likely have been 
higher if samples had been deployed longer.

In the lab, invertebrates from each sample were separated 
from the plant material, stored in 100% ethanol, and then 
identified to the lowest resolvable taxonomic level based 
on visual inspection of morphology. Taxa that were clearly 
distinct, but that we were unable to identify to species, were 
treated as morphotaxa so they could be included in diver-
sity analyses. All analyses were based simply on species 
numbers rather than any measures of relatedness; there-
fore, actual species identities are not strictly necessary and 

morphotaxa offer a conservative approach as similar species 
are more likely to be miscategorized as a single taxa rather 
than individuals of a single species being identified as dif-
ferent species (Oliver and Beattie 1996).

Differences between sampled invertebrate communities 
were evaluated with multiple approaches. Total invertebrate 
biomass and invertebrate species richness were compared 
between the H. stipulacea-dominated, T. testudinum-dom-
inated, and mixed seagrass beds using linear models, as 
above. A generalized linear model with a gamma distribution 
(using the “glm” function with the seagrass habitat treated as 
the intercept condition) was utilized for the biomass data to 
address a lack of normality observed from evaluation of the 
qqplot. Multivariate community composition was visualized 
using non-metric multidimensional scaling (nMDS) with the 
“metaMDS” function from the vegan package (Oksanen 
et al. 2019) using Bray–Curtis dissimilarity as the distance 
metric and projecting into two dimensions. In addition, 
differences in multivariate invertebrate species composi-
tion between seagrass bed types were evaluated using the 
“mvabund”, “manyglm”, and anova.manyglm functions from 
the mvabund package (Wang et al. 2012) with the “monte-
carlo” resampling method (with 10,000 bootstrap iterations) 
used to calculate the p-value.

Nutrient availability

To evaluate if invasion by H. stipulacea modifies environ-
mental conditions by shifting nutrient levels, we conducted 
nutrient availability bioassays in native and invasive seagrass 
beds in Great Lameshur Bay (in January 2017), using the 
same locations as the herbivory assays. Because macroalgae 
are sensitive to ambient nutrient conditions and fast grow-
ers, measuring algal nutrient limitation can provide an effec-
tive bioassay for general nutrient availability in a system 
(Kamer et al. 2004; Muthukrishnan et al. 2016). To conduct 
these bioassays we used a common macroalga, Sargassum 
sp, which was collected from the same bay, cleaned of sedi-
ment and epiphytes, wet weighed into 3 g subsamples, and 
placed in cages made of window screening. To test for algal 
nutrient limitation, we enriched half the samples with 20 g 
of Osmocote slow release fertilizer (14%N:14%P:14%K) 
placed inside a diffuser made from a nylon stocking and 
included with the algae in the screen cages with increased 
growth in enriched samples indicating nutrient limitation 
of the algae. To limit flux of nutrients, enriched samples 
were placed at least two meters away from ambient samples 
(Carreiro-Silva et al. 2005; Fong et al. 2018). Ten replicates 
each of enriched and unenriched samples were placed into 
seagrass beds dominated by T. testudinum and H. stipulacea. 
Samples were recovered and reweighed after 5 days and per-
cent change from initial biomass was calculated. Differences 
between seagrass beds and the effect of nutrient enrichment 

https://anlab.ucdavis.edu/methods-of-analysis
https://anlab.ucdavis.edu/methods-of-analysis
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were analyzed using a linear model with change in algal 
biomass as the response variable, seagrass type and nutri-
ent enrichment as fixed effects and an interaction between 
seagrass type and nutrient enrichment. The analysis was 
conducted with the “lm” and “summary.lm” functions and 
unenriched samples from the native seagrass bed used as the 
intercept condition.

Results

Long‑term monitoring of seagrass cover

Monitoring data showed that overall seagrass distributions 
were very patchy as any given species was only found at 
a small number of the total locations. Of a total of 21,813 
quadrats Thalassia testudinum was observed in 59, Syringo-
dium filiforme in 6509, Halodule wrightii in 2793, Halophila 
decipiens in 806 and Halophila stipulacea 1272. When H. 
stipulacea was observed at the same location as a native 

seagrass, there was a variable but consistent negative rela-
tionship between changes in abundance of H. stipulacea and 
the native species (Fig. 2, Table 1). This relationship was 
statistically significant for both S. filiforme and H. wrightii, 
while the relationship with H. decipiens was similar but not 
statistically significant.

Herbivory

In the initial herbivory assay, where H. stipulacea was com-
pared against S. filiforme (July 2014), loss of biomass was 
often 50–100% greater for the native species (Fig. 3). But 
significant differences were only seen in the reef and halo 
habitats, which had consumption rates much higher than the 
seagrass bed (Table 2a). In the seagrass habitat, consumption 
was uniformly low for both species. General patterns across 
habitat types and species were relatively consistent between 
bays though absolute consumption rates differed. 

In the second herbivory experiment, where H. stipulacea 
was compared against T. testudinum, consumption patterns 
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Fig. 2  Relationships between the change in H. stipulacea abundance and the change in abundance of native seagrasses between successive time-
points from long-term monitoring plots. Results for a S. filiforme, b H. wrightii, and c H. decipiens are shown in separate panels

Table 1  Results of fixed effects from statistical models based on 
long-term monitoring data estimating the change in abundance 
(shoots per quadrat) of individual native seagrass species with change 

in abundance of H. stipulacea as a predictor. Results from separate 
models for a) S. filiforme, b) H. wrightii, and c) H. decipiens are 
included

Native seagrass species Parameter Estimate Std. Error t-value p-value

a) S. filiforme Intercept − 3.174 7.003 − 0.453 0.729
H. stipulacea change − 0.051 0.016 − 3.112 0.002

b) H. wrightii Intercept − 1.068 1.824 − 0.585 0.608
H. stipulacea change − 0.032 0.014 − 2.222 0.031

c) H. decipiens Intercept − 21.468 8.086 − 2.655 0.065
H. stipulacea change − 0.140 0.105 − 1.326 0.188
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were less clear and differences between species were less 
pronounced (Fig. 4, Table 2b). Overall consumption was far 
lower in the January 2017 experiment, roughly 25% of the 
July 2014 levels (based on consumption rate of H. stipulacea 
in Great Lameshur Bay which was quantified in both experi-
ments). Consumption rates were again higher in the reef and 
halo habitats than seagrass beds for both species. In the reef 
habitat, where herbivory rates were greatest, loss of biomass 
was marginally greater for T. testudinum than H. stipulacea 
(see the parameter estimate for “species” alone in Table 2b 
as “reef” is the reference habitat) but the effect was small, 
did not persist in other habitats and was reversed in the T. 
testudinum-dominated seagrass bed.

Chemical composition

For carbon, nitrogen, C:N ratio and crude protein H. stipu-
lacea was markedly less nutritious than all native seagrass 
species (Fig. 5), though patterns varied among constituents 
measured. The levels of carbon, nitrogen and protein were 
substantially lower for H. stipulacea than any native spe-
cies with nearly half the amount of nitrogen and protein as 
T. testudinum (Table 2c-h). Furthermore, the C:N ratio of 
H. stipulacea was ~ 30–50% higher than native seagrasses. 
Phosphorus (as phosphate) levels were highly variable and 
not significantly different between species. Phenol levels in 
H. stipulacea were intermediate compared to native spe-
cies as they were lower than S. filiforme but higher than H. 
wrightii, and not significantly different from T. testudinum.

Invertebrate community composition

A variety of invertebrate species recruited to litter bags, 
with individual samples having ~ 5 species on average. 
Crabs and shrimp were the most common invertebrates, 
followed by polychaete worms and snails (Fig. S1). Overall 
invertebrate biomass and species richness were extremely 

variable with no differences between native, invasive and 
mixed seagrass beds (Fig. 6, Table 2i, j), but the multivariate 
species composition showed consistent differences in com-
munity composition between seagrass bed types, with H. 
stipulacea-dominated beds, in particular, being distinct from 
the other groups (Fig. 7; manyglm results: residual DF = 27, 
deviance = 139.9, p < 0.001). These differences were likely 
driven by the presence of rare species which were gener-
ally found in either the native- or invasive-dominated beds 
(and potentially the mixed bed as well) but rarely in both 
(Fig. S1). Mixed seagrass communities showed an interme-
diate composition between each of the mono-specific beds 
and had the broadest range of species present.

Nutrient availability

Algal growth assays showed strong nutrient limitation in 
habitats dominated by H. stipulacea but no limitation in hab-
itats dominated by T. testudinum (Fig. 8, Table 2k). Under 
ambient conditions algal growth rates in the T. testudinum 
bed were double those seen in the H. stipulacea bed. This 
difference between bed types was completely removed with 
nutrient enrichment (significant interaction term with param-
eter estimates of the interaction term and the effect of H. 
stipulacea under ambient conditions of similar magnitude, 
but opposite sign) and there was no increase in growth rate 
in the T. testudinum bed. This indicates that there is lower 
nutrient availability in the H. stipulacea-dominated bed.

Discussion

With the extent and number of invasions across the globe, it 
is not feasible to eradicate invasive species in every system. 
Thus to make effective management decisions, it is critical 
to explicitly evaluate the potential for spread as well as the 
likely impacts of an invader within an ecosystem (Vander 
Zanden and Olden 2008). In the case of H. stipulacea, while 
some native seagrass species, particularly T. testudinum, 
may be resilient to direct displacement, rapid expansion 
and replacement of other native species seems likely. Thus, 
the secondary question of equivalence of H. stipulacea with 
native seagrasses is central to understanding impact. On this 
issue we found that while H. stipulacea can act as a founda-
tion species, providing habitat and trophic support to other 
species, it is not entirely equivalent to native species in most 
of the properties we were able to quantify. Consumption of 
H. stipulacea was generally lower than native seagrasses, 
its nutritional quality was lower, it was utilized by different 
invertebrate assemblages, and created different nutrient envi-
ronments. As such, replacement of native seagrasses by H. 
stipulacea will shift, at least partially, a variety of top-down, 
bottom-up and environment modifying processes, which in 

Fig. 3  Herbivory rates, measured as daily change in biomass 
(mean ± SD), for the native seagrass S. filiforme and H. stipulacea 
across different habitats. Experiment was replicated across 2 bays, 
Great Lameshur Bay (LB) and Saltpond Bay (SP)
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Table 2  Results of fixed effects from univariate statistical models. 
Linear models were used in most analyses, but a mixed model was 
used for the herbivory experiment comparing H. stipulacea and S. 

filiforme to account for autocorrelation within bays. For each factor 
in models the particular levels described by parameter estimates are 
listed in parentheses

Analysis Parameter Estimate Std. Error Test statistic p-value

Herbivory
 a) Compared with S. filiforme Intercept (S. filiforme in reef habitat) − 2.968 0.148 20.071 < 0.001

Species (H. stipulacea) 0.672 0.190 − 3.534 0.001
Habitat (Halo) 0.430 0.190 − 2.261 0.026
Habitat (Seagrass) 2.727 0.190 − 14.353 0.000
Species × Habitat (H. stipulacea and Halo) 0.428 0.269 − 1.595 0.114
Species × Habitat (H. stipulacea and Seagrass) − 0.834 0.269 3.102 0.002

 b) Compared with T. testudinum Intercept (T. testudinum in reef habitat) − 0.864 0.156 − 5.541 0.000
Species (H. stipulacea) 0.402 0.227 1.773 0.081
Habitat (Halo) 0.215 0.227 0.949 0.346
Habitat (T. testudinum bed) 0.924 0.227 4.079 0.000
Habitat (H. stipulacea bed) 1.062 0.234 4.539 0.000
Species × Habitat (H. stipulacea and Halo) − 0.451 0.325 − 1.388 0.170
Species × Habitat (H. stipulacea and T. testudinum bed) − 1.015 0.325 − 3.127 0.003
Species × Habitat (H. stipulacea and H. stipulacea bed) − 0.618 0.330 − 1.875 0.065

Chemical composition
 c) % Carbon Intercept (H. stipulacea) 30.033 0.351 85.519  < 0.001

Species (H. wrightii) 4.700 0.497 9.463  < 0.001
Species (S. filiforme) 2.833 0.497 5.705  < 0.001
Species (T. testudinum) 6.367 0.497 12.819  < 0.001

 d) % Nitrogen Intercept (H. stipulacea) 1.127 0.049 22.762  < 0.001
Species (H. wrightii) 0.630 0.070 9.000  < 0.001
Species (S. filiforme) 0.640 0.070 9.143  < 0.001
Species (T. testudinum) 1.003 0.070 14.333  < 0.001

 e) Phosphorus Intercept (H. stipulacea) 586.667 70.119 8.367  < 0.001
Species (H. wrightii) − 96.667 99.163 − 0.975 0.358
Species (S. filiforme) − 63.333 99.163 − 0.639 0.541
Species (T. testudinum) 30.000 99.163 0.303 0.770

 f) C:N ratio Intercept (H. stipulacea) 26.680 0.467 57.103  < 0.001
Species (H. wrightii) − 6.883 0.661 − 10.417  < 0.001
Species (S. filiforme) − 8.055 0.661 − 12.190  < 0.001
Species (T. testudinum) − 9.566 0.661 − 14.477  < 0.001

 g) % Protein Intercept (H. stipulacea) 7.033 0.303 23.230  < 0.001
Species (H. wrightii) 3.933 0.428 9.186  < 0.001
Species (S. filiforme) 3.967 0.428 9.264  < 0.001
Species (T. testudinum) 6.300 0.428 14.714  < 0.001

 h) Total phenols Intercept (H. stipulacea) 4.070 0.403 10.105  < 0.001
Species (H. wrightii) − 1.680 0.570 − 2.949 0.018
Species (S. filiforme) 8.507 0.570 14.934  < 0.001
Species (T. testudinum) 0.697 0.570 1.223 0.256

 i) Invertebrate biomass Intercept (Native) 0.878 0.220 3.987  < 0.001
Seagrass bed (mixed) − 0.218 0.275 − 0.791 0.436
Seagrass bed (H. stipulacea) 0.403 0.389 1.035 0.310

 j) Invertebrate species richness Intercept (Native) 5.100 0.625 8.163  < 0.001
Seagrass bed (mixed) − 0.400 0.884 − 0.453 0.654
Seagrass bed (H. stipulacea) − 0.500 0.884 − 0.566 0.576
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turn could drive further shifts in community structure and 
ecosystem functioning.

Seagrass community shifts and expansion

It is clear that populations of H. stipulacea are expanding 
both in St. John and around the Caribbean (Willette et al. 
2014), but this may not impact all native seagrasses spe-
cies equivalently. While the seagrass monitoring data were 
not a direct measure of competition, they suggest that H. 
stipulacea is likely to displace at least some seagrass spe-
cies. In particular, S. filiforme and H. wrightii seemed 
more susceptible to displacement, which aligns with pat-
terns observed in other parts of the Caribbean (Steiner and 
Willette 2015; Scheibling et al. 2018). While we could not 
estimate an effect on T. testudinum from the monitoring 
data, other data, particularly from herbivory assays suggest 
T. testudinum may be more resilient to invasion than other 
species (but see Smulders et al. 2017). While S. filiforme 
was heavily consumed T. testudinum was not, suggesting 
some protection from herbivore mediated removal. At the 
same time T. testudinum is more physically robust than most 
other seagrasses in the community which may limit physi-
cal removal from events such as storms. In part, this aligns 
with expectations that the effects of particular invasions are 
highly contingent on characteristics of both the invader and 

the native community (Levine et al. 2004; Muthukrishnan 
et al. 2018). This ecosystem may present a scenario, where 
H. stipulacea is both a “driver” and “passenger” (sensu Mac-
Dougall and Turkington 2005) of community shifts depend-
ing on the native species present. Halophila stipulacea 
may be able to readily displace some seagrass species (as 
a “driver” of change), while invasion of T. testudinum could 
require other external disturbances to create available space 
that H. stipulacea can recolonize (as a “passenger” with 
other disturbances). This could still eventually result in H. 
stipulacea dominance, but on a longer time scale. This may 
be facilitated by the rapid expansion rates of H. stipulacea 
(Smulders et al. 2017) and the large production of biomass in 
those patches requiring substantial nutrient resources, lead-
ing to the lower nutrient availability observed in invasive-
dominated seagrass beds. This environmental shift could in 
turn limit growth or recovery of other seagrass species. To 
evaluate these dynamics further, direct assessments of com-
petition between species and the ability of different seagrass 
species to establish and recover after disturbances (e.g., Wil-
lette et al. 2020) would be necessary.

A shift toward H. stipulacea as the dominant seagrass 
in the system could also lead to expansion or changes of 
overall seagrass habitat. In particular, the weaker top-down 
control of H. stipulacea relative to S. filiforme suggests 
a potential for expansion to new areas and particularly 
towards coral communities (Steiner and Willette 2015), 
where high consumption rates had previously maintained 
“reef halos” (Randall 1965; Ogden et al. 1973). The her-
bivory comparison with T. testudinum was more equivo-
cal, but that experiment may have been confounded by 
seasonal variation as the consumption rate of H. stipulacea 
itself was 3–4 times higher in July (when evaluated with S. 
filiforme) than in January (when evaluated with T. testudi-
num) and other work has shown that sea turtles strongly 
prefer T. testudinum (Christianen et al. 2019). That over-
all reduction in herbivore activity may have limited our 
ability to identify differences between species. Nonethe-
less, reduced consumption may be a component of why H. 
stipulacea has intermixed with coral reefs in the Red Sea 
rather than remaining separated by a halo (Rotini et al. 
2017). In the Caribbean Sea, because of the rapid rates 
of expansion and lack of coevolutionary experience, H. 

Table 2  (continued)

Analysis Parameter Estimate Std. Error Test statistic p-value

 k) Nutrient limitation Intercept (Native seagrass bed and unenriched) 0.227 0.019 12.184  < 0.001

Habitat (H. stipulacea bed) − 0.129 0.026 − 4.891  < 0.001

Treatment (enriched) − 0.016 0.026 − 0.599 0.553

Habitat × Treatment (H. stipulacea bed and enriched) 0.116 0.037 3.121 0.004

Fig. 4  Herbivory rates, measured as daily change in biomass, for the 
native seagrass T. testudinum and the invasive H. stipulacea across 
different habitats including native-dominated (T. testudinum) and 
invasive-dominated (H. stipulacea) seagrass beds
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stipulacea’s spread into reef habitat may not be as benign, 
but rather pose a significant threat to highly valued coral 
reefs that are already threatened by a variety of other 
stressors (Rogers et al. 2008). In addition, high growth 
rates (Willette and Ambrose 2009) and low consumption 
rates of H. stipulacea likely facilitate expansion into sand-
flats that were previously seagrass free (Steiner and Wil-
lette 2015) expanding the total extent of seagrass habitat.

Fig. 5  Measurements (mean ± SD) of tissue nutrients a carbon, b 
nitrogen, c phosphorus (as phosphate), d C:N ratio, e total protein, 
and (f) total phenols across different seagrass species: H. stipulacea, 

H. wrightii, S. filiforme, and T. testudinum. Filled circles indicate the 
invasive species (H. stipulacea), while open circles are native species

Fig. 6  Comparison of a invertebrate biomass and b invertebrate spe-
cies richness in litter bags deployed in seagrass beds dominated by T. 
testudinum, H. stipulacea or a mixed assemblage

Fig. 7  Non-metric multidimensional scaling analysis of invertebrate 
community composition between seagrass bed types. Points are indi-
vidual samples and ellipses reflect the 95% confidence interval for the 
group centroid. The open circles and dashed ellipse represent the T. 
testudinum bed, filled black circles and black ellipse indicate the H. 
stipulacea bed, and grey circles and ellipse indicate the mixed bed
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Community impacts of invasion

Expansion of H. stipulacea will likely drive further com-
munity consequences, most directly because seagrasses are 
key primary producers supporting the food web. The dif-
ference in nutrient and chemical composition between H. 
stipulacea and native seagrass species makes the invader 
lower quality forage for herbivores (Hemmi and Jor-
malainen 2002; Hessen et al. 2002) and as a result, a shift 
in seagrass composition could drastically impact the com-
munity via bottom-up effects (Tuchman et al. 2002; Hla-
dyz et al. 2011). This effect could be partly ameliorated by 
overall increase in the extent of seagrass habitat and total 
available biomass, but it may be a limited set of species 
that could easily adapt to the shifted resource stoichiom-
etry (Urabe and Waki 2009; Schoo et al. 2013). Because 
seagrasses are a key primary producer, expansion of H. 
stipulacea could drive population shifts in a variety of 
invertebrates, fishes, and sea turtles that utilize seagrasses 
as a component of their diet (Williams 1988; Kirsch et al. 
2002; Alcoverro and Mariani 2004). In its native habitat 
H. stipulacea is a key foundation species and thus it has 
the ability to provide trophic support, but likely at lower 
levels than the native species it replaces in the Caribbean 
Sea. In addition, because of its lower quality (lower nitro-
gen and protein content, and higher C:N ratio), equivalent 
consumption will provide less resources to herbivores rela-
tive to native seagrasses. The high consumption rates of S. 
filiforme are also notable because the species is preferen-
tially consumed despite phenol levels nearly three times as 
high as H. stipulacea, suggesting high levels of chemical 
defenses (Levin 1976; Boeckler et al. 2011). This suggests 

herbivores strongly prefer high quality resources (Prado 
2011) even at the cost of processing defensive compounds. 
Despite the mechanism, lower consumption and quality of 
H. stipulacea compared to native seagrasses would cer-
tainly change the rate of energy transfer between trophic 
levels, potentially limiting abundance or diversity of the 
food web as a whole (Power 1992).

As seagrasses create habitat for a range of other species, 
shifts toward invasive dominance could also have a variety 
of additional effects mediated via changes in the inver-
tebrate community utilizing the seagrass beds. Though 
we only were able to evaluate a subset of the invertebrate 
community we observed qualitative differences between 
seagrass types. While the overall invertebrate biomass and 
diversity was similar between H. stipulacea and T. testudi-
num beds, the complement of species differed between 
beds of different seagrass species. Shifts in invertebrate 
communities could potentially influence rates of detrital 
processing and decomposition (Harrison 1989), nutrient 
availability (Peterson and Heck 1999), and other ecosys-
tem fluxes (Spivak et al. 2009). Invertebrates themselves 
can also provide a food resource to fish or other preda-
tor species (Luczkovich et al. 2002). In addition, a shift 
in community composition toward greater dominance of 
common species and loss of rare species can lead to biotic 
homogenization (Olden 2006) which can have broader 
implications for ecosystem functioning (Hautier et  al. 
2018).

Censusing the invertebrate community via individu-
als that recruit into litter bags is an imperfect method 
for quantifying community differences, because placing 
biomass within bags removes the structural differences 
between seagrass types. However, the samples likely offer 
a conservative measure of community differences, because 
they still reflect individuals accumulated from the adja-
cent habitats which have a variety of differences. From 
a structural perspective H. stipulacea has a much shorter 
stature than T. testudinum influencing water flow and light 
penetration. These differences in overall physical structure 
can impact a broad range of species (Heck and Wetstone 
1977; Orth et al. 1984). In addition, many invertebrates are 
microherbivores, and thus issues of forage quality may be 
important to them (Heck and Valentine 2006; Vonk et al. 
2008). Similarly, epiphytic algae are an important resource 
to herbivores (Heck and Valentine 2006) and different epi-
phytes or other microbial symbionts (Rotini et al. 2017) 
present on invasive and native seagrasses may impact 
seagrass associated species. Reduced nutrient availability 
in invasive seagrass beds could also limit the growth of 
benthic or epiphytic algae or phytoplankton, which can be 
equally important as seagrasses in transferring energy to 
higher compartments of the seagrass associated foodweb 
(Moncreiff 2001).

Fig. 8  Evaluation of nutrient availability between T. testudinum 
and H. stipulacea-dominated seagrass beds by comparison of algal 
growth rates in each habitat with and without nutrient enrichment. 
Nutrient limitation in the macroalgae, which can be seen from an 
increase in growth rate with enrichment, is used as a proxy for overall 
nutrient availability



 Marine Biology          (2020) 167:81 

1 3

   81  Page 12 of 15

Evaluating invasion impacts and management 
options

Management of established invasions can require extensive 
effort and potential benefits need to be evaluated in the con-
text of both the costs of management effort and the actual 
ecosystem consequences of the invasion. While invasive 
species may be able, at least in part, to perform many of the 
functions of native species (Ramus et al. 2017), it is both 
scientifically and ethically challenging to determine when 
an invasive species is similar or beneficial enough to take 
an accommodative management perspective and these deci-
sions can be contentious (Sotka and Byers 2019; Thomsen 
et al. 2019; Byers and Sotka 2019). When dealing with com-
plex systems and the embedded uncertainties, such as are 
seen with invasions (Besek 2019), the best strategy available 
is for explicit evaluation of risks and impacts considering 
the potential for both positive and negative effects to pro-
vide accurate predictions that stakeholders and mangers can 
use to make informed decisions (Larson et al. 2011; Strayer 
2012).

In the case of H. stipulacea, the invader is able to play 
the role of a foundation species, providing both habitat and 
food resources for other species, but it provides these ser-
vices at levels that are not equivalent to native species. The 
differences are also subtle in some aspects (e.g., the associ-
ated invertebrate community was different in composition 
but not abundance or diversity, herbivory rates only differed 
in certain habitats), which attests to the need for wholis-
tic evaluation of invasion impacts, not only single metrics 
(Zavaleta et al. 2001; Vilà et al. 2010). In addition, Virgin 
Islands National Park has experienced significant expansion 
of H. stipulacea into areas where seagrasses had not previ-
ously established and the consequences of this shift remain 
uncertain (Rogers et al. 2014). Thus, management efforts 
that can maintain native populations would be valuable to 
protect broader ecosystem functioning, but the effort and 
cost involved in persistent management need to be consid-
ered. Because of the extent of the invasion in the region 
eradication may not be feasible, but protection of specific, 
high value locations is more realistic.

These results highlight the complex nature of the effects 
of invasive species and the need for more comprehensive 
approaches to evaluate their impacts (Hladyz et al. 2011). 
Invasive species, particularly when they are foundation 
species, will likely influence numerous aspects of the food 
web and ecosystem. For H. stipulacea, the net effects of 
invasion suggest some shift in ecosystem functioning, but 
it remains to be seen if major changes will occur if H. stip-
ulacea more completely displaces native seagrasses or if 
behavioral shifts will allow other community members to 
adjust to the “new normal”. However, with the potential of 
these shifts there is a need for larger scale evaluations of 

the impact of H. stipulacea invasion. Trying to understand 
large-scale impacts has been a perennial challenge when 
working with invasive species because of ethical and logis-
tical challenges (Sol et al. 2008). This may require twinning 
small-scale work on specific mechanisms, as we present 
here, with broader observational studies comparing heavily 
invaded regions with uninvaded areas (Byers et al. 2002). 
One natural experiment would be to contrast the real-time 
transformation of the seagrass habitat in the U.S. Virgin 
Islands National Park to the seagrass beds of the Dry Tortu-
gas National Park or Biscayne National Park along Florida 
that have not yet been invaded. Results from such efforts will 
not only inform managers about vulnerability and risks for 
continued spread of H. stipulacea through the Caribbean, 
but also offers insight into more basic questions about com-
munity structure and resilience.
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